Heterotrophic denitrification of aquaculture effluent using fluidized sand biofilters  by Tsukuda, Scott et al.
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a  b  s  t  r  a  c  t
The  ability  to  consistently  and cost-effectively  reduce  nitrate-nitrogen  loads  in  efﬂuent from  recirculat-
ing  aquaculture  systems  would  enhance  the industry’s  environmental  stewardship  and  allow  improved
facility  proximity  to  large  markets  in sensitive  watersheds.  Heterotrophic  denitriﬁcation  technologies
speciﬁcally  employing  organic  carbon  found  in  aquaculture  system  waste  offer  a unique  synergy  for
treatment  of  land-based,  closed-containment  production  outﬂows.  For  space-efﬁcient  ﬂuidized  sand
bioﬁlters  to  be  used  as  such  denitriﬁcation  reactors,  system  parameters  (e.g., inﬂuent  dissolved  oxy-
gen  and  carbon  to  nitrogen  ratios,  C:N) must  be  evaluated  to  most  effectively  use  an  endogenous  carbon
source.  The  objectives  of  this  work  were  to  quantify  nitrate  removal  under  a range  of C:Ns  and  to  explore
the  bioﬁlter  bacterial  community  using  three  replicated  ﬂuidized  sand  bioﬁlters  (height  3.9 m,  diameter
0.31  m;  ﬂuidized  sand  volume  plus  bioﬁlm  volume  of  0.206  m3) operated  at a  hydraulic  retention  time
of  15  min  and  a  hydraulic  loading  rate of  188  L/min  m2 at The  Conservation  Fund  Freshwater  Institute
in  Shepherdstown,  West  Virginia,  USA.  Nitrate  reduction  was  consistently  observed  during  the  bioﬁlter
study  period  (26.9  ± 0.9% removal  efﬁciency;  402  ±  14 g NO3-N/(m3 bioﬁlter  d))  although  nitrite-N  and
total  ammonium  nitrogen  concentrations  slightly  increased  (11 and  13%  increases,  respectively).  Nitrate
removal  efﬁciency  was  correlated  with  carbonaceous  oxygen  demand  to nitrate  ratios  (R2 >  0.70).  Nitrate
removal  rates  during  the  study  period  were  moderately  negatively  correlated  with inﬂuent  dissolved
oxygen  concentration  indicating  it may  be  possible  the  bioﬁlter  hydraulic  retention  time  was  too  short
to  provide  optimized  nitrate  removal.  It is reasonable  to  assume  that the efﬁciency  of  nitrate  removal
across  the  ﬂuidized  sand  bioﬁlters  could  be  substantially  increased,  as  long  as  organic  carbon  was  not
limiting,  by  increasing  bioﬁlter  bed  depths  (to  6–10  m),  and  thus  hydraulic  retention  time. These ﬁndings
provide  a low-cost  yet effective  technology  to remove  nitrate-nitrogen  from  efﬂuent  waters  of  land-based
closed-containment  aquaculture  systems.
©  2014  The  Authors.  Published  by  Elsevier  B.V.  This  is  an open  access  article  under  the  CC  BY  license. Introduction
The annual U.S. seafood trade deﬁcit of greater than $10 billion
rovides a unique market niche for sustainably produced seafood
roducts (NOAA, 2012). Land-based, recirculating aquaculture sys-
ems (RAS) allow intensive production of quality ﬁsh protein in
lose proximity to large markets while minimizing water foot-
rints and environmental concerns (Timmons and Ebeling, 2010;
heaton and Singh, 1999). In the design of such systems, removal
f solids, total ammonium nitrogen (TAN), and nitrite (NO2−)
re critical to allow recirculation of water to ﬁsh culture tanks
∗ Corresponding author. Tel.: +1 304 870 2241; fax: +1 304 870 2208.
E-mail address: L.Christianson@freshwaterinstitute.org (L. Christianson).
ttp://dx.doi.org/10.1016/j.aquaeng.2014.10.010
144-8609/© 2014 The Authors. Published by Elsevier B.V. This is an open access article u(http://creativecommons.org/licenses/by/3.0/).
(Summerfelt and Vinci, 2009). Although nitriﬁcation unit processes
transform ﬁsh-toxic TAN and NO2− to nitrate (NO3−), this nitroge-
nous waste, which is typically not considered a key contaminant
within recirculated waters, presents concerns of its own. Nitrogen,
often in the NO3− form, is now being targeted by many local and
national groups as a primary water quality contaminant due to a
growing number of nitrogen-induced marine hypoxic zones and
other water quality environmental problems (Diaz and Rosenburg,
2008; Turner and Rabalais, 1994; USEPA, 2006).
The ability to consistently and conﬁdently reduce waste prod-
ucts from land-based RAS, speciﬁcally by treating NO3− efﬂuent
loads, could provide a number of distinct economic and environ-
mental beneﬁts (van Rijn, 2013). While RAS facilities are ideally
located near urban areas with strong market demands for sustain-
ably produced protein, these populous locales often have already
nder the CC BY license (http://creativecommons.org/licenses/by/3.0/).
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laced signiﬁcant pressures upon their watersheds (e.g., pollutant
oads from urban storm water, municipal waste water treatment
lants, and industrial discharges). Essentially eliminating nitroge-
ous discharges in RAS efﬂuent waters could allow improved
roximity to these urban markets. Such efforts will also further
he public perception of this industry as a sustainable, environ-
entally friendly option amongst urban consumers; economically,
he value of such public opinion is very important. Additionally, if
O3− concentrations in efﬂuent waters could be dependably and
ost-effectively reduced, reuse of such water could be increased
o even more fully close the RAS water-use cycle. Although NO3−
as traditionally not been considered a critical ﬁsh toxicant, recent
vidence warns against NO3− accumulation in ﬁsh culture tanks
specially in low exchange reuse systems (Davidson et al., 2011,
014).
Biological denitriﬁcation, the microbially mediated reduction of
O3− to various oxides of nitrogen and eventually nonreactive dini-
rogen (N2), is one of the most effective and cost efﬁcient methods
o remove NO3− from wastewater (Metcalf Eddy, 2003; van Rijn,
996). Most denitriﬁcation technologies utilize heterotrophic deni-
riﬁcation, where an organic carbon (C) source fuels facultative
naerobic denitrifying bacteria. Heterotrophic denitrifying bacte-
ia have a higher growth rate than autotrophic bacteria (Metcalf
ddy, 2003), and are the most abundant type of denitriﬁers found
n the natural environment (van Rijn et al., 2006). Controls on the
icrobial denitriﬁer community, denitriﬁcation rate, and denitri-
cation end products include NO3− and C availability, oxygen, pH,
nd temperature (Wallenstein et al., 2006). Carbon consumption
n denitriﬁcation systems is due to (1) oxygen utilization, (2) NO3−
onversion, and (3) cell growth (Hamlin et al., 2008), with high
nﬂuent dissolved oxygen (DO) concentrations capable of not only
nhibiting facultative denitriﬁers from utilizing NO3− as the ﬁnal
lectron acceptor in their respiratory electron transport chain, but
lso of reducing the C available for denitriﬁers through aerobic con-
umption (Klas et al., 2006a,b). This C availability, often discussed
sing the ratio between inﬂuent carbonaceous oxygen demand and
O3− (i.e., chemical oxygen demand to NO3−, COD:NO3-N, or car-
onaceous biochemical oxygen demand to NO3−, cBOD5:NO3-N),
s critical for heterotrophic denitriﬁcation, because insufﬁcient C
an lead to incomplete denitriﬁcation and undesirable NO2− pro-
uction. On the other hand, an oversupply of C relative to N (i.e.,
xcessive reducing conditions) can facilitate the reduction of sul-
ate to sulﬁde, a highly ﬁsh-toxic compound, in zones of complete
 removal (Cytryn et al., 2005; Neori and Mendola, 2012). High
OD:NO3-N and anoxic conditions can also bring about dissimila-
ory nitrate reduction to ammonium (DNRA), where ammonium
NH4+), rather than N2, is produced (Hamlin et al., 2008; van Rijn
t al., 2006). van Rijn et al. (2006) reported optimum COD:NO3-N
atios were 3:1–6:1 for readily available C sources to reduce NO3−
o elemental N.
Exogenous C sources such as methanol or ethanol are pro-
ided to fuel denitriﬁcation in tertiary denitriﬁcation technologies
Hamlin et al., 2008; Müller-Belecke et al., 2013), but because such
xternal sources can be expensive, there is interest in denitriﬁca-
ion systems where an endogenous source supplies the electron
onor (Conroy and Couturier, 2010; Klas et al., 2006a,b; van Rijn,
996). Backwashed RAS solids hold potential to be utilized as an
ndogenous C source in these designs because biosolids dewa-
ering methods produce a supernatant containing high levels of
rganic C (Sharrer et al., 2010; Summerfelt and Vinci, 2009; van
ijn, 1996). Such use of a waste stream provides the additional ben-
ﬁt of overall reduction of this load though C utilization (Klas et al.,
006a,b; Phillips and Love, 1998). However, the biological availabil-
ty of the C products is critical for NO3− removal in denitriﬁcation
echnologies with microbial digestibility of aquaculture waste
olids impacted by parameters including pH, salinity, temperature,gineering 64 (2015) 49–59
loading factors, and chemical composition (Mirzoyan et al., 2010;
Neori and Mendola, 2012). Klas et al. (2006a) noted the 5–35 m
particle size typical of RAS solids (e.g., “ﬁnes” are 1–100 m;
Summerfelt and Vinci, 2010) means the C must be enzymatically
degraded into smaller molecules capable of penetrating cellular
membranes before utilization (Aboutboul et al., 1995; Suhr et al.,
2013). In the anaerobic digestion of waste solids, the ﬁrst step
(i.e., hydrolysis) involves degradation of complex organic matter
such as carbohydrates and proteins to soluble organics, which are
correspondingly degraded into volatile fatty acids (VFAs) (i.e., via
fermentation) that can be utilized for denitriﬁcation (Mirzoyan
et al., 2010). Not only is hydrolysis the limiting step for VFA for-
mation (Conroy and Couturier, 2010), but this step is also typically
slower than denitriﬁcation meaning the ready availability of C
products may  be the limiting step in the use of endogenous organic
matter for heterotrophic denitriﬁcation (Klas et al., 2006a,b). Klas
et al. (2006a) documented distinct phases of N removal in a con-
tinuously stirred denitriﬁcation reactor treating RAS waste, each
characterized by the biodegradability of the organic matter being
utilized; only 4% of the total COD was  readily biodegradable,
50% was  considered to have medium biodegradability, and 30%
was slowly biodegradable requiring >5 days to be utilized. While
hydrolysis/fermentation products of aquaculture waste can be used
for denitriﬁcation, these processes can also solubilize TAN and
phosphorus meaning additional treatment may  be necessary for
these by-products (Conroy and Couturier, 2010). These hydroly-
sis/fermentation products of aquaculture waste are also released
into the supernatant and ﬁltrate of gravity thickening settlers and
geotextile bag ﬁlters, respectively (Sharrer et al., 2010).
In addition to biochemical properties of the aquaculture solids
and associated supernatant, system design inﬂuences N removal
in denitriﬁcation bioﬁlters. Fluidized beds, which are widely used
for nitriﬁcation in RAS (Summerfelt, 2006), present a novel option
for denitriﬁcation treatment. The very high speciﬁc surface area
provided within a ﬂuidized bioﬁlter could offer sufﬁcient surface
area for aerobic organisms to produce anoxic conditions while
also allowing supplemental area for heterotrophic denitriﬁer colo-
nization. In previous studies using an endogenous C source with
a ﬂuidized sand denitriﬁcation bioﬁlter to treat water in a RAS,
a sedimentation basin prior to the denitriﬁcation reactor was
included to allow partial digestion of the waste (Arbiv and van
Rijn, 1995; Gelfand et al., 2003; Shnel et al., 2002). This two-
stage system proved successful for not only partial hydrolyzing
and providing fermentation pretreatment of the organic matter,
but also for actually providing denitriﬁcation in the pre-bioﬁlter
basin. With most of the NO3− removal occurring in the sedimen-
tation basin (i.e., bioﬁlter removal was only 10% that of the basin
at 173 and 1689 g N removed per day, respectively; Shnel et al.,
2002), the bioﬁlter’s predominant function was  to remove sulﬁde
before water was  recirculated back to the culture tanks (Gelfand
et al., 2003). Although Shnel et al. (2002) concluded the ﬂuidized
bioﬁlter was  not a necessary component of the denitriﬁcation sys-
tem, extrapolated volumetric N removal rates were nevertheless
much higher for the ﬂuidized bioﬁlter than for the basin (1330 vs.
140 g NO3-N/(m3 d), respectively).
Clearly denitriﬁcation technologies for RAS efﬂuent could
reduce NO3− loads to surface waters while additionally reducing
the waste stream, minimizing NO2− concentrations, and supple-
menting buffering capacity through alkalinity production (van Rijn
et al., 2006). Although ﬂuidized sand bioﬁlters for denitriﬁcation
are a viable aquaculture technology (e.g., Gelfand et al., 2003; Shnel
et al., 2002), the importance of the carbon to nitrogen ratio (C:N)
has not been evaluated for ﬂuidized bioﬁlter designs treating aqua-
culture outﬂows with use of a cost-saving endogenous C source.
The objectives of this work were to quantify NO3− removal under
a range of C:Ns when using ﬂuidized-sand bioﬁlters to treat an
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Fig. 2. Process ﬂow diagram for units involved in denitriﬁcation treatment of aqua-ig. 1. Schematic of ﬂuidized bioﬁlter used in triplicate for study of heterotrophic
enitriﬁcation of aquaculture efﬂuent; Courtesy of Marine Biotech (adapted).
quaculture efﬂuent and to explore the bacterial denitrifying com-
unity present on the sand media. In short, this work investigated
ow to effectively blend system backwash water containing organic
cids recovered from gravity thickening tank supernatant and sys-
em overtop ﬂows to achieve low DO and C:Ns capable of facilitating
onditions conductive to denitriﬁcation of efﬂuent.
. Methods
Heterotrophic denitriﬁcation of aquaculture efﬂuent using an
ndogenous C source was studied using triplicate ﬂuidized sand
ioﬁlters (285 L, height 3.9 m,  diameter 0.31 m;  Fig. 1) at The
onservation Fund Freshwater Institute in Shepherdstown, West
irginia, USA between May  2012 and February 2013. Waste sludge,
enerated from the production of rainbow trout (Oncorhynchus
ykiss) and Atlantic salmon (Salmo salar), and concentrated via
icroscreen drum ﬁlters or radial ﬂow settlers located within eachculture efﬂuent; triplicate replication of settling cones, bioﬁlters/shearing pumps,
and radial ﬂow settlers not shown.
RAS and on the facility efﬂuent, was  pumped to a series of gravity
thickening settlers (Settling Cone, Fig. 2). The supernatant over-
ﬂow from the settling cones, which were emptied between one and
three time per week, was  routed to a supernatant holding tank from
where it was  pumped to the three ﬂuidized denitriﬁcation bioﬁl-
ters. Overﬂow from each bioﬁlter was treated using a radial ﬂow
settler to capture settleable biosolids, before returning to the super-
natant tank or overﬂowing to the microscreen drum ﬁlter used to
treat the facility efﬂuent. The bioﬁlters were each originally ﬁlled
with approximately 70 L of sand, and additional sand (ranging from
2 to 10 L) was added on 17 August 2012. A shearing pump at the
top of each bioﬁlter controlled bed height at 2.82 m,  resulting in
a bioﬁlter volume of 0.206 m3 for each vessel (ﬂuidized sand vol-
ume  plus bioﬁlm volume). The static sand bed depth was 0.92 m
with an intended approximate 50% design bed expansion (i.e., with
clean sand) at a hydraulic loading rate of 188 L/min m2. Bioﬁlter
sand (Unimin Filtersil; Oregon, IL) had an effective size of 0.11 mm,
speciﬁc gravity of 2.65 g/cm3, uniformity coefﬁcient of 1.63, and
estimated speciﬁc surface area (bed) of 19,700 m2/m3.
2.1. Water quality parameters and analysis
Analysis of bioﬁlter performance was divided into two  opera-
tional phases; the initial “start-up” phase was  from the beginning
of testing to day 99 (10 May–16 August 2012), and the “study”
phase was from day 120 to the test end at day 273 (6 September
2012–6 February 2013). The bioﬁlters were operated with a
hydraulic residence time (HRT) of 15 min  and a hydraulic loading
rate of 188 L/min m2 based on the mean ﬂow rate of 13.7 L/min.
The carbonaceous oxygen demand:N ratios (i.e., COD:NO3-N and
cBOD5:NO3-N) were manipulated to evaluate the impact of the
oxygen demand on NO3− removal. During the study period, the
COD:NO3-N was  varied from 4 to 41 and cBOD5:NO3-N was  var-
ied from 2 to 23. To achieve these ratios, inﬂuent NO3− levels
were manipulated using a combination of organic C-rich gravity
thickening settling cone overﬂow, aquaculture system discharge
water (containing higher NO3−-N concentrations), and a stock solu-
tion of sodium nitrate (NaNO3). The concentrated NaNO3 solution
(33.56 g NO3-N/L) was  pumped into the supernatant holding tank at
2.88 mL/min beginning day 118, with this increased to 5.76 mL/min
and then 10.16 mL/min on days 172 and 186, respectively. Low
waste generation from the aquaculture system, and subsequent ﬁll-
ing of the supernatant tank with supplemental water, resulted in a
disruption to the bioﬁlters around day 170. The spring water feed-
ing the RAS was  naturally alkaline (≈275 mg CaCO3/L), resulting in
high alkalinity of bioﬁlter inﬂow.
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Table 1
Mean inﬂuent and efﬂuent parameter concentrations during two phases of ﬂuidized sand denitriﬁcation bioﬁlter operation.
Start-up (days 1–99) Study period (days 120–273)
Inﬂuent (n = 15) Efﬂuent (n = 45) Inﬂuent (n = 20) Efﬂuent (n = 60)
Mean concentration ± standard error (mg/L)
COD 404 ± 68 401 ± 50 129 ± 10 129 ± 10
cBOD5 160 ± 24 158 ± 17 64 ± 6 51 ± 3
TN  16.27 ± 2.17 15.0 ± 1.71 17.52 ± 1.09 14.11 ± 0.61
Nitrate-N 1.91 ± 0.49 0.59 ± 0.06 14.42 ± 1.15 10.52 ± 0.70
Nitrite-N 0.14 ± 0.05 0.03 ± 0.01 1.11 ± 0.20 1.23 ± 0.14
TAN  4.98 ± 0.94 5.33 ± 0.53 1.23 ± 0.15 1.39 ± 0.09
Sulfate 10.9 ± 2.9 9.2 ± 1.7 27.9 ± 0.6 28.6 ± 0.3
TSS  183 ± 29 180 ± 22 51 ± 4 80 ± 8
.88 
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oTP  7.15 ± 1.10 7.08 ± 0
DRP  2.32 ± 0.32 2.30 ± 0
Alkalinity 314 ± 8 325 ± 5
Inﬂuent and efﬂuent samples were collected weekly from the
upernatant tank and bioﬁlter overﬂows, respectively. On the day
f collection, samples were analyzed for COD, cBOD5, TAN, NO2-N,
O3-N, total nitrogen (TN), alkalinity, sulfate (SO42−), total sus-
ended solids (TSS), total phosphorus (TP), and dissolved reactive
hosphorus (DRP) using methods from APHA (2005) and Hach
2003). Samples analyzed for TN, TP, COD and cBOD5 were not
ltered, whereas samples analyzed for NO2-N/NO3-N/SO42− and
SS/DRP were ﬁltered with 0.8 m and 0.45 m ﬁlters, respec-
ively. Parameters measured three times weekly in the supernatant
nﬂuent and near the bioﬁlter column outlet included temperature,
issolved oxygen (DO; YSI Pro Plus), oxidation reduction poten-
ial (ORP; HACH DRD1R5 Digital ORP differential sensor with Hach
C100 Universal Controller), and pH (YSI Pro Plus). Because these
hree days per week of parameter measurement did not necessar-
ly coincide with the weekly water sample collection event, DO
alues from the two days adjacent to the sample event day were
veraged to estimate a representative value. Flow rate was  deter-
ined by measuring the time required to ﬁll a container of a known
olume with the outﬂow of the radial ﬂow settlers; this metric
as manipulated approximately three times weekly to stabilize
alues over the entire testing period (mean ± standard deviation:
3.73 ± 0.56 L/min).
Removal efﬁciency of water quality parameters was  calculated
s the inﬂuent concentration minus the efﬂuent concentration, the
ifference of which was divided by the inﬂuent concentration mul-
iplied by 100%. Nitrate-N removal and alkalinity production rates
ere based upon the change in concentration between the inﬂuent
nd efﬂuent multiplied by the ﬂow rate (L/d), divided by the total
xpanded bioﬁlter volume (0.206 m3). Analysis of variance testing
Microsoft Excel) was used to ascertain statistically signiﬁcant dif-
erences between inﬂuent and efﬂuent parameter concentrations
uring the study period (  ˛ = 0.05). Removal of outliers, deﬁned as
hen the difference between the sample value and the study period
ean was greater than 1.5 times the study period standard devi-
tion, facilitated comparisons between inﬂuent and efﬂuent COD
nd cBOD5 values. Correlations between variables were evaluated
ith Pearson correlation testing where values of greater than 0.70
r between 0.30 and 0.70 were considered strongly or moderately
orrelated, respectively.
.2. Microbiological sample collection and analysis
The diversity of denitrifying microbial communities present in
he three bioﬁlters was investigated by the nitrous oxide reductase
ene (nosZ) clone library approach. The nosZ gene encodes the deni-
riﬁcation enzyme responsible for converting nitrous oxide (N2O)
o N2, which indicates a subset of denitriﬁers mediate the ﬁnal step
f denitriﬁcation. Denitriﬁers possessing nitrous oxide reductase3.05 ± 0.23 3.38 ± 0.21
1.27 ± 0.09 1.24 ± 0.05
270 ± 6 286 ± 4
can be the key populations for determining a denitrifying bioﬁl-
ter’s capacity to remove nitrate. The sand media with reactor water
(50:50 by volume) were sampled from the three denitrifying ﬂu-
idized sand bed reactors on day 259. Bacteria attached to the media
were detached by vigorously vortexing in 50 mL  sterile plastic
conical tubes at room temperature for 5 min. The resulting sus-
pensions of detached surface layer (SL) bioﬁlms were centrifuged
at 10,000 × g at 4 ◦C for 20 min  prior to DNA extraction. Follow-
ing SL bioﬁlm detachment, the sand media were directly used for
DNA extraction of inner layer (IL) bioﬁlm. The DNA of the SL and
IL bioﬁlms were extracted using a PowerSoil DNA Extraction Kit
(MO  BIO Laboratories, Inc., Carlsbad, CA) following the manufac-
ture’s protocol. The concentration and quality of extracted DNA
were determined by absorbance at 260 nm and 260/280 nm ratio.
Isolated DNA was  stored at −20 ◦C. One SL DNA and one IL DNA
sample were obtained from each of the three bioﬁlters, and the
resulting three SL and three IL samples (total of six) were combined
into one SL and one IL sample (ﬁnal concentration of 50 ng/L) for
nosZ fragment ampliﬁcation.
2.2.1. PCR ampliﬁcation
Microbial community DNA samples collected at day 259
were used to amplify nosZ fragments, which encode the cat-
alytic subunit of nitrous oxide reductase. Primers nos752F
(5′-ACCGAYGGSACCTAYGAYGG-3′) and nos1773R (5′-ATRTCGATC-
ARCTGBTCGTT-3′) as nosZ-1 (yielding about 1185 bp products;
Mills et al., 2008); and nosZ-F (5′-CGYTGTTCMTCGACAGCCAG-3′)
and nosZ-R (5′-CATGTGCAGNGCRTGGCAGAA-3′) as nosZ-2 (yield-
ing approx. 752 bp fragments; Rosch et al., 2002) were used. PCR
reaction mixtures were prepared to contain 2× Taq PCR Master Mix
(QIAGEN, Gaithersburg, MD), 6 pmol of each forward and reverse
primers, and 100 ng of community DNA in a ﬁnal volume of 20 L.
Three step PCR was developed and performed with 4 min  of dena-
turation at 94 ◦C followed by, ﬁrst, 10 cycles consisting of 94 ◦C for
1 min, annealing at 55 ◦C for 40 s, and extension at 72 ◦C for 1.5 min;
second, 10 cycles with 94 ◦C for 1 min, annealing at 53 ◦C for 40 s,
and extension at 72 ◦C for 1.5 min; and ﬁnally extension at 72 ◦C
for 15 min  for nosZ-1. The PCR ampliﬁcation program for nosZ-2
was the following: initial denaturation step at 94 ◦C for 4 min; one
cycle of at 94 ◦C for 20 s (denaturation), at 65 ◦C for 30 s (anneal-
ing), and at 72 ◦C for 40 s (elongation); two cycles at 94 ◦C for 20 s
(denaturation); at 62 ◦C for 30 s (annealing); 72 ◦C for 40 s (elonga-
tion); three cycles at 94 ◦C for 20 s (denaturation); at 59 ◦C for 30 s
(annealing); at 72 ◦C for 40 s (elongation); ﬁve cycles at 94 ◦C for
20 s (denaturation); at 57 ◦C for 30 s (annealing); at 72 ◦C for 40 s
(elongation); 24 cycles at 94 ◦C for 20 s (denaturation); at 55 ◦C for
30 s (annealing); at 72 ◦C for 40 s (elongation); and then, at 72 ◦C for
10 min  (extension) (Rosch et al., 2002). Negative controls of nosZ-
1 and nosZ-2 without DNA were included in all reactions to test
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wig. 3. Inﬂuent and efﬂuent NO3-N concentrations and inﬂuent carbonaceous
emand: NO3-N ratios during ﬂuidized sand denitriﬁcation bioﬁlter operation
efﬂuent n = 3; mean ± standard error).
ontamination. PCR products of nosZ-1 and nosZ-2 and their nega-
ive controls were separated in 1.2% agarose gel by electrophoresis
nd puriﬁed from excised gel slices (1185 bb for nosZ-1 and 752 bp
or nosZ-2) using the QIAquick Gel Extraction Kit (QIAGEN).
.2.2. Cloning and sequencing
Puriﬁed amplicons were ligated into pCR4 TOPO vector
nd transformed into OneShot TOP10 chemically competent
scherichia coli cells using TOPO TA Cloning Kit following the manu-
acturer’s instructions (Invitrogen Life Technologies, Carlsbad, CA).
olonies of the nosZ-1 and nosZ-2 libraries were screened for
nserts by PCR with vector primers, M13  forward and M13  reverse.
lasmid DNA was isolated from individual clones and puriﬁed using
gencourt SprintPrep 384 HC Kit (Agencourt Bioscience, Beverly,
A). Sequencing was performed using ABI PRISM genetic ana-
yzer (Applied Biosystems, Foster City, CA) with T7 and T3 primers
rovided in the cloning kit (Invitrogen). A total of 192 clones, 48
lones each from four libraries (nosZ-1-SL, nosZ-1-IL, nosZ-2-SL and
osZ-2-IL), were randomly selected and sequenced at the biological
nalysis service laboratory at the Institute of Marine and Envi-
onmental Technology, Baltimore, Maryland, USA. Sequences were
dited and assembled using Sequencher software (Gene Code Corp.,
nn Arbor, MI,  USA), and were then analyzed using the BLASTn
ool (http://www.ncbi.nlm.nih.gov/BLAST) to create neighbor join-
ng phylogenetic trees to aid the selection of the closest reference
equences.
. Results and discussion
.1. Initial period water quality (days 01–99)
High inﬂuent COD and cBOD5 concentrations (mean:
04 ± 68 mg  COD/L and 160 ± 24 mg  cBOD5/L; Table 1) resulted in
tart-up COD:NO3-N and cBOD5:NO3-N ratios consistently greater
han 30 and 10, respectively, with the ﬁrst 60 days of testing
ften at ratios an order of magnitude higher than this (Fig. 3).
etween day 37 and 69, cBOD5 and COD inﬂuent concentrations
ere notably elevated above the start-up period means (as high as
23 mg  cBOD5/L and 513 mg  COD/L). These increases corresponded
ith both elevated water temperatures (Fig. 4a) and anaerobicnﬂuent (Fig. 4b). While the mean efﬂuent DO concentrations for
he entire testing period were less than 0.37 mg  DO/L, this start-up
eriod was the only period of such low inﬂuent DO. The efﬂuent
as very reduced during the initial period (generally < −300 ORP;gineering 64 (2015) 49–59 53
Fig. 4c), despite wide ﬂuctuations in inﬂuent ORP. Fluctuating
water quality parameters upon start-up of ﬂuidized sand bioﬁlters
have similarly been reported by others (Gelfand et al., 2003).
Inﬂuent water temperatures were generally higher during
start-up compared to the study period (mean ± standard devia-
tion: 18.8 ± 1.8 ◦C and 14.6 ± 1.5 ◦C, respectively). Efﬂuent waters
were slightly warmer than inﬂuent during start-up (mean 0.64 ◦C
warmer across all bioﬁlters during start-up), but otherwise there
were no notable temperatures differences between the inﬂuent
and efﬂuent. Inﬂuent and efﬂuent pH was consistent during the
entire testing period (mean ± standard deviation: 7.49 ± 0.13 and
7.47 ± 0.13, respectively) with no major signiﬁcant trends dur-
ing the course of the experiment (data not shown). While a
denitriﬁcation-related increase in pH was  expected, such a change
may  have been masked by organic degradation inside the bioﬁlters.
During start-up, NO3− efﬂuent and NO2− inﬂuent and efﬂuent
concentrations were generally less than 1 mg N/L, whereas TAN
concentrations were elevated (Figs. 3 and 5; Table 1). Summing
across nitrogen species showed a large component of start-up
TN that could only be accounted for with organic nitrogen (ON;
Table 1), a plausible deduction based upon the high carbonaceous
loading during this period.
Low initial inﬂuent sulfate concentrations of generally less than
6 mg  SO42−/L increased just prior to the study period (day 78) to
consistently greater than 23 mg  SO42−/L (Table 1). Sulfate reduc-
tion within the bioﬁlters was observed during reduced conditions
between days 8–36 (mean SO42− concentration reduction of 48%
across all bioﬁlters). However, during the study period, inﬂuent and
efﬂuent SO42− values were not signiﬁcantly different (p = 0.320;
Table 1).
3.2. Study period water quality (days 120–273)
3.2.1. Nitrate-N removal
NO3-N reduction was consistently observed during the study
period (Fig. 3), and this, concomitant with DO, ORP and alkalinity
evidence, was strongly indicative of heterotrophic denitriﬁcation.
Mean NO3−-N concentrations were reduced from 14.42 ± 1.15 to
10.52 ± 0.70 mg  NO3-N/L during this phase (Table 1), resulting in
an overall NO3− removal efﬁciency of 26.9 ± 0.9% for each pass
through the ﬂuidized sand bioﬁlters (Table 2). While TN concen-
trations were similarly reduced across the bioﬁlters (17.52 ± 1.09
reduced to 14.11 ± 0.61 mg  TN/L, Table 1; 20.0 ± 3.8% removal efﬁ-
ciency, Table 2), NO2− and TAN concentrations slightly increased
during the study period phase (11 and 13% increases, respectively),
though the production of these species only represented small
percentages of the total N balance (Table 2). Study period NO2−
efﬂuent concentrations (mean: 1.23 ± 0.14 mg NO2-N/L; Table 1)
were typically greater than recommended water quality criteria for
RAS (0.1 mg  NO2-N/L in soft water: Singh and Wheaton, 1999) and
for drinking water (maximum contaminant level of 1 mg  NO2-N/L:
USEPA, 2011), although this was primarily a result of high inﬂuent
NO2− concentrations (Fig. 5; Table 1).
The overall study period NO3− removal rate was 402 ± 14 g NO3-
N/(m3 bioﬁlter d) based upon cumulative N loads (Table 2). This
was lower than removal rates reviewed by van Rijn et al. (2006)
for ﬂuidized sand bioﬁlters using endogenous C sources (range:
860–1740 g NO3-N/(m3 d) or 35.8–72.6 mg NO3-N/L h; Arbiv and
van Rijn, 1995; Gelfand et al., 2003; Shnel et al., 2002). Higher
rates in the past work may  be due to greater prevalence of organic
pretreatment in a pre-bioﬁlter sedimentation basin, higher water
temperatures, and greater inﬂuent NO3− concentrations (inﬂuent
concentrations of 40–150 mg  NO3-N/L and 28 mg  NO3-N/L from
Shnel et al., 2002; Gelfand et al., 2003, respectively). In a lab-scale
single-sludge system, Klas et al. (2006b) observed much lower aver-
age removal rates of 120–150 g N/(m3 d), similar to a lower rate of
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Fig. 4. Water temperature (a), dissolved oxygen (b), and oxidation-reduction potential (c) during ﬂuidized sand denitriﬁcation bioﬁlter operation (efﬂuent n = 3;
mean  ± standard error).
Table 2
Nitrogen mass balance over denitriﬁcation bioﬁlter study period (days 120–273); negative removal is equivalent to production; n = 3 bioﬁlters.
Inﬂuent (Kg N) Efﬂuent (Kg N) Removed (Kg N) Removal efﬁciency (%) Study period mean
removal rate
(g N removed/(m3 d)a)
Nitrate-N 47.0 34.4 ± 0.4 12.6 ± 0.4 26.9 ± 0.9 402 ± 14
Nitrite-N 3.72 4.42 ± 0.21 −0.69 ± 0.21 −18.7 ± 5.5 −22.1 ± 6.5
TAN  3.77 4.34 ± 0.11 −0.57 ± 0.11 −15.0 ± 2.9 −18.0 ± 3.5∑
Inorganic 54.5 43.1 ± 0.5 11.4 ± 0.5 20.9 ± 1.0 362 ± 17
Total  N 55.5 44.3 ± 2.1 11.1 ± 2.1 20.0 ± 3.8 353 ± 66
a Based on expanded bed volume = 0.21 m3 and 153 d study period.
Fig. 5. Inﬂuent and efﬂuent N speciation (TN, NO2− , and TAN) during denitriﬁcation bioﬁlter operation (efﬂuent n = 3; mean ± standard error).
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Cig. 6. Correlations between (a) carbonaceous oxygen demand: NO3− ratios and N
nd  (c) inﬂuent NO3− concentrations and NO3− removal rate during an extended st
26 g N/(m3 d) observed in a slurry-based denitriﬁcation design by
eori and Mendola (2012).
.2.2. COD/cBOD and nitrogen relationships
There was a moderate correlation between inﬂuent COD
oncentration and NO3− removal efﬁciency (Pearson correla-
ion = 0.55; data not shown), in contrast to reports by Aboutboul
t al. (1995) and Arbiv and van Rijn (1995) who found no such corre-
ation leading them to conclude the majority of organic compounds
ere large molecules unavailable to denitriﬁers. Arbiv and van Rijn
1995) did note, however, at least 200 mg  COD/L (i.e., greater than
bserved here) was required for complete NO3− removal. Here,
hen outliers were removed, there was a signiﬁcant difference
etween study period bioﬁlter inﬂuent vs. efﬂuent cBOD5 con-
entrations (p = 0.002), although differences between inﬂuent and
fﬂuent COD concentrations were not signiﬁcant (p = 0.325). For
hese data, the study period mean concentration reductions were
6.8 ± 3.6 mg  cBOD5/L (n = 57) and 9.1 ± 6.7 mg  COD/L (n = 58).
Consideration and inclusion of several start-up sample events
ith higher inﬂuent carbonaceous oxygen demand: NO3-Ns (days
1–99, in addition to study period days 120–273) provided more
ontext for the evaluation of this ratio as a nitrate-removal
riterion. Nitrate removal efﬁciency was correlated with both
OD:NO3-N and cBOD5:NO3-N (R2 > 0.70; Fig, 6a). At the high-
st cBOD5:NO3-N (i.e., >10) in this extended study period dataset,
nﬂuent NO3− concentrations were only between 3 and 5 mg  NO3-
/L, thus removal efﬁciencies greater than 60% were easily
btainable (e.g., upper left corner of Fig. 6b). The low range of
BOD5:NO3-N (i.e., <7) resulted from higher inﬂuent NO3− con-
entrations of greater than 10 mg  NO3-N/L, and correspondingly,
emoval efﬁciencies were generally less than 60% for these sam-
le events. Across inﬂuent concentrations, mass removal rates
veraged 15.4 ± 0.9 mg  NO3-N/L h (mean ± standard error, for days
1–273; Fig. 6c).
The study period mean inﬂuent cBOD5:NO3-N of 5.5 (mean
OD:NO3-N of 11.2; days 120 to end) resulted in an average ofemoval efﬁciency, (b) inﬂuent NO3− concentrations and NO3− removal efﬁciency,
eriod (day 71–273) of ﬂuidized sand denitriﬁcation bioﬁlter operation.
16.8 ± 3.6 mg  cBOD5/L (outliers removed, see previous discussion)
and 3.90 ± 0.29 mg  NO3-N/L removed (from Table 1); this yielded
a corresponding overall mean cBOD5:NO3-N utilization ratio of
4.3, although some of this utilization may  have been due to aero-
bic treatment. The lowest observed inﬂuent COD:NO3-N of 4.4 fell
within the optimal reported range for NO3− removal using readily
available C sources (3:1–6:1; van Rijn et al., 2006), but this sam-
ple event resulted in only 2.50 ± 0.03 mg  NO3-N/L removed (<13%
removal efﬁciency). Extrapolation from data presented by Arbiv
and van Rijn (1995) showed higher dissolved COD:NO3-N between
10 and 77 yielded greater than 50% NO3− concentration reduc-
tion (between 3.1 and 19.9 mg NO3-N/L removed), complementing
the correlation in Fig. 6a fairly well. Suhr et al. (2013) reported
maximum observed denitriﬁcation rates for a single-sludge aqua-
culture denitriﬁcation reactor occurred at a soluble COD:NO3-N of
6.9 with maximum modeled rates occurring at a ratio of 9.4. Phillips
(1997) showed a similar inﬂuent COD:NO3-N of 6.11 was required
to reduce inﬂuent concentrations to below 1 mg  NO3-N/L in a ﬁxed
ﬁlm denitriﬁcation bioreactor using an endogenous C source. With
readily available, soluble C products clearly important for NO3−
removal from RAS wastewater, the C supply must be rich in this
fraction for optimal NO3− removal in ﬂuidized sand denitriﬁcation
bioﬁlters. Importantly, because COD and cBOD5 samples were not
ﬁltered, it is likely some particulate matter that was not readily
biodegradable was included in the quantiﬁcation, and thus, values
here may  have been artiﬁcially inﬂated.
3.2.3. Importance of DO, temperature, ORP, and alkalinity
In addition to C availability, oxygen availability is a key deter-
minant of the denitriﬁcation process. Although the inﬂuent DO
was consistently reduced to the anoxic range across the bioﬁl-
ters (Fig. 4b), the NO3−removal rate during the study period
phase was  moderately negatively correlated with inﬂuent DO
concentration (Pearson’s correlation of −0.48). It may be pos-
sible the bioﬁlter HRT was insufﬁcient to allow conditions
conducive to greater denitriﬁcation rates at the highest inﬂuent DO
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oncentrations. Optimized HRT within denitriﬁcation reactors is
nown to be important, as Suhr et al. (2013) concluded the impact
f the inﬂuent C:N depended ﬁrstly upon the HRT. The short HRT
sed here (<20 min) could be increased through use of a taller ﬂu-
dized bioﬁlter with, for example, bed depths of 6–10 m.  Given the
ioﬁlters were not operating near carbon-limited conditions (as
videnced by high cBOD5 concentrations remaining in the efﬂu-
nt), NO3-removal in these systems was not optimized and would
ave beneﬁted from such a design change.
As a biological reaction, water temperature also plays a role
n denitriﬁcation NO3− removal rates (Metcalf Eddy, 2003). The
peration of other ﬂuidized sand denitriﬁcation bioﬁlters at higher
ater temperatures (19–30 ◦C: Arbiv and van Rijn, 1995; Gelfand
t al., 2003; Shnel et al., 2002) partially explains the lower rates
bserved here. The Q10, or the factor by which the removal rate
ncreases for every 10 ◦C temperature increase, has been reported
or other types of denitriﬁcation systems at approximately 2
Elgood et al., 2010; Warneke et al., 2011). With a study period mean
emperature of 14.6 ± 1.5 ◦C, removal rates could be estimated to
e on the order of 800 g NO3-N/(m3 bioﬁlter d) (from Table 2) or
pproximately 30 mg  NO3-N/L h (from Fig. 6c) if the water temper-
tures had been more similar to previous work (i.e., ≈25 ◦C). These
emperature-corrected removal rates were more consistent with
reviously reported ﬂuidized bioﬁlter rates (reviewed by van Rijn
t al., 2006: 860–1740 g NO3-N/(m3 d) or 35.8–72.6 mg  NO3-N/L h),
ig. 8. Inﬂuent and efﬂuent TSS (a) and phosphorus (b) concentrations during denitriﬁcati
ote  logarithmic scale for TSS.ing ﬂuidized sand denitriﬁcation bioﬁlter operation (efﬂuent n = 3; mean ± standard
particularly when considering the lower nitrate concentrations
encountered here.
During the study period, the efﬂuent ORPs were generally
between −50 and −200, beyond the anoxic range for denitriﬁca-
tion (YSI Environmental, 2008) (neglecting bioﬁlter disruption due
to low waste generation at ≈day 170). This indicates an excess
of reducing conditions despite some NO3− remaining in solu-
tion. Alkalinity production observed during the ﬁnal stages of the
study period corroborated denitriﬁcation activity (Fig. 7). Hamlin
et al. (2008) reported strong correlations between N removal rates
and alkalinity production rates in a study involving readily avail-
able carbon sources (methanol, ethanol, and Cerelose); here, a
moderate correlation between the two was observed (Pearson’s
correlation = 0.46; R2 = 0.21). Based upon a ratio of 3.57 mg  alkalin-
ity (as CaCO3) produced for each mg  of NO3-N reduced (Metcalf
Eddy, 2003; van Rijn et al., 2006), predicted alkalinity produc-
tion rates were often less than measured (Fig. 7). This is also
evident from Table 1 where the study period difference in mean
nitrate concentrations (3.90 mg  NO3-N/L) multiplied by 3.57 yields
13.9 mg  CaCO3/L which is less than the observed mean difference
in study period alkalinity concentrations (16 mg  CaCO3/L). Pre-
dicted and measured alkalinity production rates (g CaCO3/(m3 d))
matched reasonably well during the last two  months of testing
(generally within ±1 standard error from day 224 to end). The
start-up period had measured alkalinity production much greater
on bioﬁlter and radial ﬂow settler operation (efﬂuent n = 3; mean ± standard error);
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Table  3
Nearest neighbor of the nitrous-oxide reductase (nosZ) gene clones of nosZ-1 and nosZ-2 in surface bioﬁlm (SL).
Phylogenetic group Accession no. of nearest neighbor Nearest neighbora Similarity (%) %Clone in a library
Beta-proteobacteria GU062416.1 Diaphorobacter sp. R-26815 75.3 41.7
Beta-proteobacteria CP001281.2 Thauera sp. MZ1T 86.9 18.8
Beta-proteobacteria CP000353.2 Cupriavidus metallidurans CH34 73.8 6.3
Alpha-proteobacteria CP003563.1 Sinorhizobium fredii USDA 257 89.8 6.3
Gamma-proteobacteria CP004143.1 Pseudomonas denitriﬁcans ATCC 13867 63.8 4.2
Gamma-proteobacteria JQ513867.1 Pseudomonas stutzeri strain DCP-Ps1 88.7 2.1
Beta-proteobacteria AP012224.1 Pseudogulbenkiania sp. NH8B DNA 71.5 2.1
Alpha-proteobacteria AM279767.1 Nisaea denitriﬁcans, type strain DR41 21 75.3 2.1
Alpha-proteobacteria CP003177.1 Brucella abortus A13334 86.9 2.1
Beta-proteobacteria GQ900543.1 Rubrivivax gelatinosus strain S1 75.0 2.1
Beta-proteobacteria GU062413.1 Alicycliphilus sp. R-24611 77.1 2.1
Gamma-proteobacteria CP003071.1 Pseudomonas stutzeri RCH2 89.4 2.1
Beta-proteobacteria CP000539.1 Acidovorax sp. JS42 81.1 2.1
Beta-proteobacteria AY305378.1 Ralstonia eutropha H16 megaplasmid pHG1 76.4 2.1
Beta-proteobacteria DQ865931.1 Comamonas denitriﬁcans 73.4 2.1
Gamma-proteobacteria AM422889.1 Pseudomonas sp. D7-21, isolate D7-21 86.6 2.1
Gamma-proteobacteria X65277.1 Pseudomonas aeruginosa, strain DSM 50071 89.9 32.5
Gamma-proteobacteria CP003071.1 Pseudomonas stutzeri RCH2 89.1 20.0
Beta-proteobacteria CP002449.1 Alicycliphilus denitriﬁcans BC 82.1 15.0
Beta-proteobacteria CP001013.1 Leptothrix cholodnii SP-6 82.7 10.0
Beta-proteobacteria FP885896.1 Ralstonia solanacearum CMR15 plasmid CMR15 mp 84.0 5.0
Beta-proteobacteria CP000267.1 Rhodoferax ferrireducens T118 84.2 5.0
Gamma-proteobacteria CP003677.1 Pseudomonas stutzeri CCUG 29243 88.6 5.0
Beta-proteobacteria GQ900543.1 Rubrivivax gelatinosus strain S1 82.6 2.5
Gamma-proteobacteria AB054991.1 Pseudomonas sp. MT-1 86.4 2.5
Beta-proteobacteria X65278.1 Alcaligenes eutrophus 85.3 2.5
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han predicted, although the dynamics here were complicated by
O3− removal likely limited by low inﬂuent NO3− concentrations.
dditionally, sludge hydrolysis and fermentation may  have con-
ributed to this alkalinity production.
.2.4. Analysis of water quality parameters beyond NO3-N
Hydrolysis of ﬁsh manure within the organic suspended solids
assing through the bioﬁlter was likely responsible for the
bserved production of small amounts of TAN (0.57 ± 0.11 mg
AN/L) (Conroy and Couturier, 2010). The dynamics of this pro-
ess, however, were obfuscated as the ON mass increased rather
han decreased across the bioﬁlters potentially due to biomass
rowth in the bioﬁlters. The bioﬁlter N balance showed a very small
raction of study period inﬂuent N was in the organic form (i.e.,
5.5 kg TN – 54.5 kg Inorganic N = 1.0 kg ON; Table 2), and a slightly
reater amount of organic N was transported from the bioﬁlters
han entered (i.e., 44.4 kg TN – 43.1 kg Inorganic N = 1.2 kg ON),
ue to ﬂushing of sheared cell mass. Hydrolysis of biosolids was
ery probable at least during the start-up period as the estimated
N component initially was very pronounced (Table 1), and the
AN production rate during start-up (36.4 g TAN/(m3 d); data not
hown), was approximately twice the production rate during the
tudy period (Table 2).
Although not large, observed NO2− production
0.69 ± 0.21 mg  NO2-N/L) corroborated earlier discussion of
oor NO3− removal performance potentially due to lack of readily
ioavailable C or higher than ideal inﬂuent DO (van Rijn et al.,
006). The most consistent period of bioﬁlter NO2− removal
ccurred during the start-up period when cBOD5:NO3-N was
reater than 10 and NO3− removal efﬁciency was  typically high;
owever, inﬂuent NO2− and NO3− concentrations were very low
egardless during this period potentially due to sufﬁcient super-
atant tank pretreatment. Notable periods of NO2− production
ccurred when the cBOD5:NO3-N was generally less than 6 (e.g.,
ays 127–141 and 239 to test end). A similar trend was reported
y Phillips and Love (1998) where a ﬁxed ﬁlm denitriﬁcation
ioﬁlter was C limited at soluble COD:NO3-Ns less than 5 leading by neighbor joining phylogenetic analysis from Blastn hits. Results of nosZ-1 and
to incomplete NO3− removal and elution of NO2− concentrations
greater than 10 mg  NO2-N/L. Nitrite concentrations averaged
1.23 ± 0.14 mg  NO2-N/L exiting the reactors during the present
study.
Study period TP inﬂuent and efﬂuent concentrations were
not statistically different (p = 0.401); the same was  true for DRP
concentrations (p = 0.758). Total phosphorus inﬂuent and efﬂuent
concentrations tracked TSS trends, with spikes occurring at day 22,
57, 78, 127, and 211–218 (Fig. 8), indicating particulate P transport
events. There was  a statistically signiﬁcant increase in mean TSS
concentrations across the bioﬁlters of 24.1 ± 4.4 mg  TSS/L (p = 0.001
between inﬂuent and efﬂuent; outliers removed, n = 56), and mean
removal of only 4.5 ± 2.6 mg  TSS/L across the radial ﬂow settlers
(data not shown; not statistically signiﬁcant at p = 0.397 between
inﬂuent and efﬂuent; n = 57). Solids generation due to bacterial
biomass growth is known to be by-product of heterotrophic deni-
triﬁcation. The bioﬁlm shearing pumps effectively removed the
cell-mass and maintained bed depth; these sheared biosolids ﬂush
with the ﬂow out of the top of the reactors. Unfortunately, radial
ﬂow settlers did not effectively capture these ﬁne solids.
3.3. Diversity of bioﬁlter denitrifying populations
Two  PCR products of ca. 1185 bp (nosZ-1) and 752 bp (nosZ-
2) were obtained from DNA extracted from samples collected
on day 259 of bioﬁlters operation, and four nosZ clone libraries
were constructed (nosZ-1-SL, nosZ-1-IL, nosZ-2-SL and nosZ-2-IL).
Comparative sequence analysis of 48 randomly selected clones
from each nosZ library resulted in a total of 25 unique opera-
tional taxonomic units (OTUs) for SL and 24 OTUs for IL bioﬁlm
communities. However, the SL bioﬁlm had a more diverse micro-
bial community containing nosZ genes than the oxygen-limited IL
bioﬁlm (Table 3 and Table 4, respectively). A total of 192 sequences
were distributed only within proteobacteria. The %Clone of similar
sequences in a library were calculated for nosZ-1-SL, nosZ-2-SL,
nosZ-1-IL and nosZ-2-IL separately (Tables 3 and 4). Similarly,
Magnusson et al. (1998) performed an isolation study with
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Table 4
Nearest neighbor of the nitrous-oxide reductase (nosZ) gene clones of nosZ-1 and nosZ-2 in inner bioﬁlm (IL).
Phylogenetic group Accession no. of nearest neighbor Nearest neighbora Similarity (%) %Clone in a library
Beta-proteobacteria CP001281.2 Thauera sp. MZ1T 84.5 40.5
Alpha-proteobacteria CP003563.1 Sinorhizobium fredii USDA 257 86.2 23.8
Alpha-proteobacteria CP003177.1 Brucella abortus A13334 84.7 16.7
Beta-proteobacteria AP012304.1 Azoarcus sp. KH32C DNA 75.4 2.4
Alpha-proteobacteria BA000040.2 Bradyrhizobium japonicum USDA 110 DNA 88.1 2.4
Beta-proteobacteria DQ865930.1 Brachymonas denitriﬁcans 75.7 2.4
Alpha-proteobacteria HG803176.1 Brucella canis str. Oliveri 83.8 2.4
Beta-proteobacteria CP001013.1 Leptothrix cholodnii SP-6 78.2 2.4
Alpha-proteobacteria CP000463.1 Rhodopseudomonas palustris BisA53 65.9 2.4
Beta-proteobacteria GU062416.1 Diaphorobacter sp. R-26815 75.4 2.4
Beta-proteobacteria GU062413.1 Alicycliphilus sp. R-24611 78.7 2.4
Alpha-proteobacteria EU192075.1 Paracoccus sp. BW001 84.1 34.2
Alpha-proteobacteria CP001013.1 Leptothrix cholodnii SP-6 86.1 23.7
Alpha-proteobacteria CP001392.1 Acidovorax ebreus TPSY 85.0 5.3
Alpha-proteobacteria EU346731.1 Shinella zoogloeoides strain BC026 87.5 5.3
Alpha-proteobacteria FN600636.1 Mesorhizobium sp. 4FB11, isolate 4FB11 84.4 5.3
Alpha-proteobacteria FQ311870.1 Azospirillum lipoferum 4B plasmid AZO p2 75.4 2.6
Beta-proteobacteria CP001281.2 Thauera sp. MZ1T 76.4 2.6
Beta-proteobacteria AM406670.1 Azoarcus sp. BH72 82.8 2.6
Alpha-proteobacteria CP001152.1 Rhodobacter sphaeroides KD131 plasmid pRSKD131A 77.3 2.6
Alpha-proteobacteria FN600636.1 Mesorhizobium sp. 4FB11, isolate 4FB11 80.6 2.6
Alpha-proteobacteria CP000490.1 Paracoccus denitriﬁcans PD1222 82.3 2.6
Beta-proteobacteria CP002449.1 Alicycliphilus denitriﬁcans BC 94.3 2.6
Alpha-proteobacteria GU136471.1 Uncultured Azospirillum sp. 74.8 2.6
Beta-proteobacteria JQ319501.1 Thauera phenylacetica strain TN9 76.4 2.6
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cAlpha-proteobacteria EU346731.1 Shinella zoog
a The closest matching sequence was  identiﬁed using Blastn at the NCBI and sel
osZ-2 clone libraries are listed at upper and lower table, respectively.
ctivated sludge from ﬁve different municipal waste water treat-
ent plants, and found only denitrifying proteobacteria belonging
o the Rhodobacteraceae (Alphaproteobacteria), Comamonadaceae
Betaproteobacteria), and Pseudomonadaceae (Gammaproteobacte-
ia). The clones of nosZ-1 and nosZ-2 libraries obtained in this study
elonged to: Alphaproteobacteria (5.3%), Betaproteobacteria (59.7%),
nd Gammaproteobacteria (35.3%) in SL; and Alphaproteobacte-
ia (68.6%) and Betaproteobacteria (31.5%) in IL (Tables 3 and 4).
ammaproteobacteria was only detected in the SL, with all of the
etected sequences belonging to the genus Pseudomonas at simi-
arity ranges of generally 85–90%; these are known to be facultative
naerobes (Hassett et al., 2002) producing exopolysaccharides to
orm the bioﬁlm. The nosZ closely related to genera Diaphorobac-
er and Thauera were also detected as dominant within SL nosZ
ibraries (20.9% and 9.4%, respectively). In contract, the majority of
osZ sequences found in IL belongs to genera Thauera (22.9%), Para-
occus (18.4%), Sinorhizobium (11.9%), Letothrix (11.9%) and Bucella
9.6%) within the similarity ranges >85%. Thauera aminoaromatica
train MZ1T, closely related to the nosZ sequences obtained here, is
 heterotrophic denitriﬁer belonging to genus Thauera, of the fam-
ly Phodocyclaceae and class the Betaproteobacteria,  which has been
haracterized for its ability to degrade various compounds with
itrate as an electron acceptor (Jiang et al., 2012). The detection
f nosZ genes in SL and IL bioﬁlm reported in this study indi-
ates these ﬂuidized sand bioﬁlters were capable cultivating and
nriching denitriﬁcation bacteria for removal of nitrate. Further
6S metagenomic study and phylogenetic and functional analyses
re necessary for enhanced understanding of the microbial diver-
ity and community structure within aquacultural denitriﬁcation
eactors.
. Conclusions
Heterotrophic denitriﬁcation in ﬂuidized sand bioﬁlters using
 waste-based endogenous carbon source was shown to be an
ffective technology to remove NO3-N from the efﬂuent of a land-
ased closed-containment aquaculture system. These extremely
ompact bioﬁlters removed 26.9 ± 0.9% of the N load at a hydraulicdes strain BC026 86.0 2.6
 by neighbor joining phylogenetic analysis from Blastn hits. Results of nosZ-1 and
retention time of only 15 min, resulting in a removal rate of
402 ± 14 g NO3-N/(m3 bioﬁlter d). This was within the range of
other endogenous carbon source denitriﬁcation studies, but lower
than previous reports from ﬂuidized sand bioﬁlter denitriﬁcation
work. Cooler temperatures and lower nitrate concentrations enter-
ing the bioﬁlters observed here may  be at least partially responsible
for lower removal rates compared to previous ﬂuidized bioﬁlter
studies.
Nitrate removal efﬁciency was  correlated with both the
COD:NO3-N and cBOD5:NO3-N ratios, and across the study period,
a mean inﬂuent cBOD5:NO3-N of 5.5 resulted in an average
of 16.8 ± 3.6 mg  cBOD5/L and 3.90 ± 0.29 mg  NO3-N/L removed.
Nitrate-N removal rates were moderately negatively correlated
with inﬂuent DO concentration, potentially resulting in NO3-
removal limited by the bioﬁlter HRT. Relatively high efﬂuent cBOD5
concentrations indicated sufﬁcient carbon remained to enhance
denitriﬁcation further. Therefore, longer HRTs (i.e., >15 min  used
here) through use of taller bioﬁlters with bed depths of 6–10 m are
recommended. Production of TSS, NO2- and TAN was a concern, the
latter two of which could be minimized through better C availabil-
ity or better optimization of ﬂow blending for low bioﬁlter inﬂuent
DO.
Further development of RAS efﬂuent denitriﬁcation technolo-
gies is recommended to facilitate the industry growth required to
meet the increasing market-driven demand for seafood products.
Reﬁnement of design (e.g., taller bioﬁlters yielding longer HRTs)
and operational parameters (e.g., better blending of ﬂows to reduce
inﬂuent DO and produce sufﬁcient C:N) with use of an endogenous
carbon source will improve ﬂuidized sand denitriﬁcation bioﬁlter
performance. Overall, however, these ﬁndings provide a compact
and relatively low cost yet effective technology to remove NO3-N
from efﬂuent waters of land-based recirculating systems.
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